It is crucial that societies are informed on the risks of impoverished ecosystem health for their well-being. For this purpose, Ecological Integrity (EI) is a useful concept that seeks to capture the complex nature of ecosystems and their interaction with social welfare. But the challenge remains to measure EI and translate scientific terminology into operational language to inform society. We propose an approach that simplifies marine ecosystem complexity by applying scientific knowledge to identify which components reflect the state or state change of ecosystems. It follows a bottom-up structure that identifies, based on expert knowledge, biological components related with past and present changing conditions. It is structured in 5 stages that interact in an adaptive way: stage 1, in situ observations suggest changes could be happening; stage 2 explores available data that represent EI; stage 3, experts' workshops target the identification of the minimum set of variables needed to define EI, or the risk of losing EI; an optative stage 4, where deviance from EI, or risk of deviance, is statistically assessed; stage 5, findings are communicated to society. We demonstrate the framework effectiveness in three case studies, including a data poor situation, an area where lack of reference sites hampers the identification of historical changes, and an area where diffuse sources of stress make it difficult to identify simple relationships with of ecological responses. The future challenge is to operationalize the approach and trigger desirable society actions to strengthen a social-nature link.
Introduction
With an increasing demand for natural resources in a world of rapid biodiversity loss and environmental change, society needs to be well-informed about the con-ity, focussed scientific research to new policy-relevant interdisciplinary efforts for global sustainability". But this "new social contract" implies that societies, encompassing decision-makers to end-users, need to be informed by credible and relevant evidence of not only the nature of environmental changes but on how those changes might feedback to affect the welfare of societies. In other words, Anthropocene societies need to be capable of not only building evidence-based relevant policy directed towards local-to-global problems, but also accurately measure the impact of those policies on the sustainability of humannatural systems.
The DPSIR framework (Drivers-Pressures-State change-Impact-Response) has been proposed as a systems-based approach that captures key relationships between society and the environment, and it is deemed useful for communicating environmental research to non-scientists (Atkins et al., 2011; Mangi et al., 2007) . DPSIR seeks to integrate ecological and social information in a framework that takes account of the impacts of human activities on the functioning of ecosystems and the effects on society, and then introduces the need to apply measures to prevent or control adverse changes (Lonsdale et al., 2015) . Moreover, it has been extended to incorporate different drivers and pressures, and interactions between these, to provide a nested framework to prioritise efforts and manage in real-world systems (Atkins et al., 2011; Elliott et al., 2017a) . We might easily record information on the drivers and pressures, but we, as ecologists, are interested on the state change of ecosystems, either when changes are already observable or when these are foreseen (the desirable target of management). In order to reflect real-world scenarios of ecosystem change, we propose two DPSIR frameworks: a reactive DPSIR, aiming at finding solutions to existing impacts, and a pro-active DPSIR, aiming at forecasting potential pressures to find ways to minimize changes. The reactive framework is intended to (i) recover the original state, or (ii) reach an alternative sustainable state. In the pro-active framework (Fig.1 ) the response will come from within the initial state with the aim of maintaining it. Note that the framework includes several feedbacks between scientists, managers and society, as scientific findings need to inform management decisions, management actions should have an effect on the state change of ecosystems, and both managers and scientists should consolidate efforts to communicate with society.
The DPSIR represents many scientific challenges but a major bottleneck to its effective implementation is to communicate this knowledge to promote responsible societies (i.e., Impact-Response components) (Elliott et al., 2017b) . In order to address this challenge, we need to 1) apprise the ecosystem status in a variety of human disturbance scenarios, that encompass current status and alternative sustainable uses, reflecting real-world scenarios, and 2) identify integrative indicators of state/state change to transmit complex ecological concepts to society that lead to co-designed solutions.
A new socio-ecological perspective is particularly crucial in coastal areas, where there is a strong cultural and economic dependency of societies on marine ecosystems, and the increasing pressures of human activities might cut off the flow of benefits garnered from marine ecosystem services, jeopardising the long-term well-being of societies MEA, 2005) . Considering the diverse nature of impacts on the marine environment, and even the more diverse range of ecosystem responses operating over multiple space and time scales, capturing this complexity by a common metric has been challenging (Kappel et al., 2009; Rombouts et al., 2013) . Over the past decades, there has been a plethora of indicators of the ecosystem status, partly triggered by policies like the European Water Framework Directive (2000/60/EC; European Commision, 2000) and the Marine Strategy Framework Directive (2008 /56/EC, European Commision, 2008 . However, these indicators tend to deal with one major stressor or kind of response from the ecosystem and, in general, they have been designed for a scientific or decision-maker use rather than to inform society at large (e.g., Blanchet et al., 2008; Borja et al., 2008b; Pinto et al., 2009; Van Hoey et al., 2010) . The Ocean Health Index (Halpern et al., 2012) is an integrative index that informs on global status of the ocean, but this metric does not consider cumulative or multiple stressor impacts at local or regional scales, and, therefore, operates at scales not relevant across society, but see the more recent OHI+ index designed to measure the ocean health at regional or local scales by independent groups of experts (http://www.oceanhealthindex.org/ohiplus/portal). The welfare of society ultimately relies on a set of ecosystem structures and processes that are essential to maintain the system's resilience and its ability to provide goods and services (Müller and Burkhard, 2007) . Therefore, societies rely on functional ecosystems that are resilient to external pressures (Tett et al., 2013) . The existing set of indicators of the ecosystem status generally illustrate the ecosystem structure, but provide little information on the ecosystem functioning (Borja et al., 2008a) and, therefore, on its capacity to provide services to society.
A metric(s) that informs of the state or state change of marine ecosystems must encompass complex and scientifically sound information. Ecological Integrity (EI) has been proposed as a concept that captures the complex nature of ecosystems and its interaction with social welfare (Costanza et al., 1992; Karr, 1993) . There are numerous definitions for EI but, in general terms, it is a holistic term that seeks to capture our sense of nature, its functionality and self-organising capacity (Tett et al., 2013) . In fact, it is perhaps better understood by its absence rather than its presence. Thus, it depends on the wide-ranging perception of nature by societies. Despite the appropriateness of this concept for our objective, the challenge remains on finding how to translate EI terminology into operational language to inform decision makers and society at large. Our approach seeks to simplify complexity based on ecological knowledge, by applying this knowledge to identify which ecosystem components reflect EI. These components should be monitored to inform societies on the impact of existing or potential changes (and thus risk of losing EI), and ultimately aiming to trigger management responses.
Indicators of Ecological Integrity: a bottom-up process
While we need to operationally define EI and ensure the concept fits our purpose, the openness of the language does aid in the wide communication of complex and complicated concepts, similar to terms such as biodiversity or ecological sustainability. Elliott (2011) described "healthy" ecosystems as a property that protects against the "ecosystem pathologies" of Harding (1992) , and monitoring "health" consists of "detecting when things go wrong" (note the similarity in meaning of Ecosystem Integrity, Ecosystem Health, Good Environmental Status). EI should be assessed through multiple metrics that quantify the multi-disciplinary essence of this concept and ultimately inform of the value of an area for society. There is a general agreement that utilizing a suite of indicators is the best approach to understanding ecosystem responses to drivers of change (Boldt et al., 2014) . Importantly, the multiple metrics that represent EI must be related with the ecosystem state change produced by both occasional and cumulative disturbance, in order to be informative of real-world scenarios. Cumulative disturbance acts in space and in time , which implies our metrics must also reflect these dimensions. From a set of components that represent EI, some might be individually correlated with a specific stressor but, overall, they should inform of the overall structure, function and resilience of the ecosystem, while being non-redundant and complementary (Boldt et al., 2014) .
Measures that represent EI should be knowledge-based and work in an adaptive way, by being responsive to continuous knowledge generation. The EI indicators should be somewhere between a large set of individual indicators, that are too confusing to illustrate the biggest picture, and aggregated indices that mask complexity (Hayes et al., 2015) . In summary, the essential characteristics of EI indicators to accurately inform society are: i) sensitive to potential stressors; ii) effective over a range of space and time scales; iii) reflect the multi-component nature of ecosystems; iv) be justifiable by scientific knowledge; v) be adaptive to continuous knowledge generation; vi) be adaptive to changing environmental conditions; vii) be cost-efficient in time and expense; viii) be informative to society. Also, from an operational approach, we should try to avoid unreasonable data requirements (Borja et al., 2013) . What we propose is a bottom-up process that identifies, based on current expert knowledge, biological components related with past and present changing conditions of the ecosystem. Table S1 includes an example of the components of marine ecosystems that could be monitored to jointly inform of EI. The proposed variables would range from a broad spectrum to a minimum set and would be monitored within a hierarchical framework. This structure allows incorporating ecosystem processes and features that operate at different scales. In summary, these indicators are: 1) variables related to biological communities' composition and range from broad-to local-scale; 2) variables related to things changing on a temporal or a spatial scale (or both), e.g., temporal as observed changes in time in an area, and spatial as observed changes between environmentally similar areas; 3) variables that capture the essence of EI, and indicate its loss due to stress, in a combined way that is easy to understand and justifiable.
Assessment framework
We propose a bottom-up process within a hierarchical framework that has the following steps: 1) observation; 2) expert judgement; 3) outreach. These steps are achieved in stages: A) collect available ecological data (Table S1 ); B) conduct an experts' workshop to relate these data with EI; C) feedback process by increasing monitoring efforts if necessary; D) scientific assessment to produce a multimetric index related with EI, or the risk of losing EI, in the area of interest (Fig.2) . Large-scale and long-term data sets, that are crucial to monitor ecosystem changes, are rare in marine science mainly due to the cost (Hayes et al., 2015) . Therefore, we believe that part of monitoring for EI should include triggers and responses when in situ scientific observation leads to conclusions of "something is wrong". This structure has analogies with a System Thinking, with an essential feedback component that relates the different levels of the system: 1) observable changes, 2) patterns in changes, 3) complex interactions in the system that conditions its resilience, and 4) individual perceptions of the system that collectively would trigger responses (Maani and Cavana, 2007) .
Our strategy begins with the reasons behind the desire to calculate EI in a particular place: have changes been observed or is there a need to simply catalog state? Alternatively, has knowledge on the existence of drivers of change in an area suggested that an ecosystem state change is likely? The first stage of the strategy (Stage 1) thus consists of stating the rationale and delimiting the area of interest by defining boundaries based on geophysical (e.g. estuary), human activities (e.g., fishing ground), or ecological components (e.g., seagrass habitat) (Fig.2) .
The second stage (Stage 2) is to identify existing data in the area of interest that could be used to calculate variables representing EI. These can range from broad-scale to site-specific, which subsequently might need to be extrapolated to the area of interest (e.g., Table S1 ). We suggest a focus on a specific set of variables, adapted to the location and issue of interest, with a weighting of the different metrics that could be adjusted when disturbance regimes change, management and societal needs vary, or scientists warn of approaching thresholds. In addition, when adopting a pro-active DPSIR framework, we recommend deciding on the potential drivers of pressures with a focus on those that are predicted to change and the likely magnitude of those changes. The following step would be to gather historical data relating each of the variables in the registry with pressures that led or were envisaged to lead to a state change in other systems. The extrapolation to our system of interest of causal relationships between drivers (actually observed in our system) and pressures (observed in other systems), is expected to facilitate anticipating the impacts of a state change. Also, the identification of early warnings of change (Scheffer et al., 2009) and modelling potential scenarios of change are crucial scientific contributions in the pro-active context.
The data might be obtained under different contexts that could involve regular monitoring generally conducted by environmental or management agencies (e.g., fishing landings or nutrient concentrations), fieldwork within research programs (e.g., diversity estimates or species densities), or citizen science (e.g., detection of jellyfish blooms). We claim special emphasis on available data sets that should not be ignored, as many regular monitoring programs, including fishery surveys, registers of oceanographic parameters, or even citizens recording species presence, have left an enormous data legacy (Edgar et al., 2016) that, particularly in data-poor regions, contains crucial information regarding the past status of marine life and its interactions with people and the climate (Roelfsema et al., 2016; Roemmich et al., 2012) . Additionally, in the absence of conventional data, historical ecology approaches such as fishers knowledge, historical narratives and archives are valuable alternative approaches to understanding ecological dynamics and recovery potential (McClenachan et al., 2012; Kittinger et al., 2015) ; however, local knowledge needs to be treated with care as it can be biased due to end-users' interests (Ruano-Chamorro et al., 2017) .
The third stage (Stage 3) involves the use of expert judgement to identify the minimum set of variables necessary to derive conclusions on EI of the area. This would include using general scientific knowledge to establish the key features and relevant variables for each feature in the area of interest and then identifying the relationships between the relevant variables with EI. This would also include the extrapolation to our system of interest of causal relationships between drivers (actually observed in our system) and pressures (observed in other systems). At this stage it would also be appropriate for the experts to consider how to relate each variable with a state that reflects a certain degree of increasing/decreasing EI and if necessary to assign the weights to each variable (e.g., adopting a fuzzy modelling approach; Game et al., 2017) . Participatory approaches are useful to identify, and potentially score, the relevant variables that are related with the system's change (Game et al., 2017) . For example, MultiCriteria Decision Analysis could be adopted to produce a multi-metric indicator in a transparent and objective way (Estévez and Gelcich, 2015) . This process should be one of continuous knowledge generation, where decisions on the need to collect additional data, from several or specific metrics, should be decided. This structure would contribute to working with an adaptive protocol for the assessment of EI.
Sometimes the process would stop at this stage, by describing the state based on the obtained multi-metric indicator. However, often scientists and managers require information on change or risk of change in state in relation to existing pressures. In this case (Stage 4), statistical analyses or risk assessments of change are required. Statistical analysis could be done on the overall assessment of EI. However, analysis on individual components is helpful so that scientists and managers understand which particular elements of integrity are driving the observed changes (Martínez-Crego et al., 2010) . Boldt et al. (2014) suggests that data-based approaches are not practical for assessing the effects of multiple stressors on multiple ecosystem components, rather that experts' opinions and model-based simulations are the best tool. But model-based simulations assume the ability to develop a suite of appropriate models that address possible cumulative and multiple stressor effects, these are not currently available. Conversely, regressive data-driven techniques can provide important insights. For example, Thrush et al. (2008b) demonstrate how heavy metal toxicity interacting with sediment grain size change species distributions and Thrush et al. (2012) show how interaction networks can change across thresholds in sediment-benthic chlorophyll relationships. Importantly, the number of variables for which changes are detected could become a significant part of the assessment of EI.
A decreasing EI, or evidence on risks to EI, is the scientific link between society and the drivers of use that ultimately could be modified by societal actions. This may represent a direct action to lower disturbance or stress levels (e.g., dredging disposals, fishing, pollutants discharges) or an indirect action in response to a driver that cannot be directly modified in the short-to-medium term (e.g., climate change). Therefore, at the bottom of the hierarchical structure, the multi-metric index is related with the "risk" that something is changing, the probability that some human activities are having impacts that might threaten the EI of an area and, ultimately, the well-being of society. Stage 5, the final and crucial step, is thus for science to integrate the EI indicators in a user-friendly interface to inform society, including managers, as to what is happening and why (e.g., Muntadas et al., 2017) . The output must be both practical, easy to interpret and meaningful, for example, a weight of evidence against criteria or about time. Ultimately, the information on ecosystem components could be built into a categorical matrix, similar to a decision tree that relates changes in state with potential stressors and the risk of losing EI. Following this structure, the effects of specific stressors could be tracked down the matrix. These examples are a useful tool to communicate findings to stakeholders or to small groups where scientists can explain the outcome. However, outreach should also be focused on scientific dissemination initiatives, like scientific cafes, activities in museums or aquaria, or in association with artists to explore alternative communication channels, being crucial the use of plain and attractive language. In both cases, new communication and information technologies are currently a fundamental ally in the process of making complex scientific data more accessible for the society at large. Scientists should also make use of the social media, often full of misinformation, so scientific-based information gains more visibility for a large and diverse public. Regardless of the method adopted, for an effective outreach we need to establish a two-way communication with society, so their perceptions and beliefs nourishes our research goals (Varner, 2014) .
Indicators of Ecological Integrity in the real world
It has been largely argued that the interpretation of ecosystem indicators requires the assessment of the obtained values against a reference, traditionally known by ecologists as baseline conditions (Duarte et al., 2008) . However, there are two major drawbacks to baselines or reference states in the real-world of marine ecosystems. On one hand, this perspective is often biased due to the historical use, where the conditions assumed as reference in the present might in fact be linked to chronically modified ecosystems, since an individual might perceive as "natural" an already degraded ecosystem (Dayton et al., 1998; Plumeridge and Roberts, 2017) . On the other hand, true reference values in naturally disturbed systems, like estuaries for instance, may be considered as indicating a degraded condition (Van Hoey et al., 2010) even in the absence of anthropogenic pressures. In fact, the dynamic nature of ecosystems implies that the state change due to human impacts overlaps natural dynamics, which in turn affect future states (Ladle and Gillson, 2008; Paoli et al., 2016) . This drawback is more acute when historical knowledge of the system rarely exists (de Juan et al., 2018; Elliott et al., 2015) . EI implies self-regulation of the system and, similarly to the concept of resilience, it is based on science and societal values. For the conservation of socio-ecological systems, our target is to define an agreed level of disturbance to which the system is resilient (i.e., identify potential switch points to alternative stable states, sensu Scheffer et al., 2001) , considering resilience as the insurance against the loss of valued ecosystem functions and services ). Therefore, instead of relying on ecosystem benchmarks and baselines, the proposed approach is founded on capturing the dynamics of ecosystem change that vary within resilient levels (similar to Tett et al., 2013) , understood as the capacity of a system to maintain its structure, functions and feedbacks while being subjected, or in risk of being subjected, to change due to disturbance (Folke et al., 2004) . Another relevant issue is the "desired state" that can vary amongst stakeholders, and it also might be influenced by what people perceive as nature (Levin and Möllmann, 2014) . In this context, EI could be confronted to a set of environmental future scenarios defined with the feedback of stakeholders and society. In summary, conservation might be less about bridging the gap between scientific knowledge and societal perceptions and more on effectively explaining conservation targets to society (Stage 5 of the framework). Our proposed approach does not exclude the potential that some specific metrics could be assessed against specific benchmarks. After all, the essence of the approach is to be practical while evading rigid schemes to promote societal consciousness and involvement in conservation, to avoid a society that ignores sliding baselines and thresholds of change in marine ecosystems.
Case studies
Three different case studies, reflecting different coastal and maritime regions, environmental contexts and habitats, are described to illustrate the principles of the approach in real-world scenarios. These studies, conducted prior to the proposal of this approach, do not totally match the five Stages; however, these examples, including a summary of existing data (Table 1) , help to illustrate how our approach is sufficiently flexible to work with a diversity of scenarios and scientific studies. The first two case studies illustrate a reactive DPSIR, where we aim to assess the state change of the system, whereas the third case study illustrates a pro-active DPSIR, where we suspect there is a risk of losing the EI of the area (Fig.3) .
Kelp system in the central coast of Chile
Stage 1: Commercial harvesting of habitat structuring species, like kelps, is likely to produce pervasive impacts on the ecosystem they create (Mac Monagail et al., 2017) . In Chile, more than 250.000 tons of the subtidal kelp Lessonia trabeculata and its intertidal congeneric L. nigrescens are harvested each year; this activity is highest in northern regions but is increasing southwards (Vásquez et al., 2012) . Despite this, the magnitude of the direct and indirect effects kelp harvesting may have on kelp-associated communities, many of them of commercial importance, is largely ignored for subtidal kelp forests in Chile (de Juan et al., 2018; Vásquez et al., 2012) . Small-scale fisheries in the area, including kelp harvesting, are subjected to two management regimes: Territorial Users Rights for Fisheries (TURFs) and open access areas (OAAs) that create a mosaic of fishing access regimes in the coastal landscape.
Stage 2: In intertidal kelp systems of northern Chile, removal of high numbers of adult sporophytes in small areas has been associated with increased access of grazers to harvested kelp grounds (Santelices and Ojeda, 1984; Vásquez and Santelices, 1990) . Manipulative experiments in subtidal kelp grounds of central Chile showed , 2017a) . Results of a single site snapshot study where kelp patches in different stages of post-harvesting recovery were surveyed (scale of 100's of m), revealed an increase in the amount of grazer snails in harvested patches in relation to non-harvested ones (Pereira et al., 2015) . When considering different fishing management regimes (1000's of m), grazer invertebrates, including snails, responded to kelp harvesting with increased abundance but only in OAAs. Adult kelps, in turn, were larger and more abundant inside TURFs (Subida et al. in preparation) .
Stage 3: Variability in kelp-associated communities may be explained by spatial effects taking place at multiple scales (Lamy et al., 2018) . Data from the area of interest suggest that the variable offering the best picture of the community-wide effects of kelp harvesting is the abundance of grazer snails. The direction and magnitude of this effect is expected to depend on broad-scale oceanographic processes (upwelling) and fisheries management regimes operating at the small-scale: harvested kelp grounds in low upwelling OAAs are expected to be more vulnerable to grazer outbreaks. Since fishing effects are expected to cascade throughout the entire food web in this system (Pérez-Matus et al., 2017b) , the increased abundance of grazer snails in harvested kelp grounds of OAAs may occur because: i) in OAAs there is a higher fishing effort on potential consumers of Tegula tridentata, reducing the snail mortality by predation (Pérez-Matus et al., 2017a); and/or (ii) inside TURFs controlled harvesting effort limits the number of adult sporophytes removed per unit area, limiting the access of grazing snails to the harvested kelp ground (Konar and Estes, 2003; Pereira et al., 2015; Vásquez and Santelices, 1990 ).
At the current (and limited) state of knowledge, assessing the change in state in this ecosystem (and therefore, quantify deviance from EI; Stage 4) requires setting adaptive benchmark areas against which the abundance of grazer snails can be compared. Benchmark areas must account for (i) the fisheries management regimes in force, (ii) varying levels of harvesting intensity, and (iii) small-scale upwelling processes. However, considering the habitat forming feature of the exploited kelp resource, benchmarking and monitoring of harvesting effects should also consider temporal changes at the widecommunity level.
Benthic communities from the heavily trawled NW Mediterranean
Stage 1: The negative effects of trawling activities on the seabed have been evidenced through numerous studies (e.g., Auster et al., 1996; Jennings et al., 2005; Kaiser et al., 2006) , however, the links between the benthic community structure, its functioning and provision of services, and trawling activities are not always easy to establish, particularly in chronically trawled areas. This is the case of the NW Mediterranean, where historical trawling has left the seabed with no real reference sites (de Juan et al., 2009) .
Stage 2: Scientific surveys were conducted to collect data on benthic communities from fishing grounds in the NW Mediterranean, and where different levels of trawling effort were detected.
Stage 3: Despite the absence of reference sites, and thus of knowledge on the structure of non-trawled benthic communities, patterns of community responses to fishing intensity were identified and interpreted with support of the sound knowledge scientists have acquired on the structure and function of soft-bottom marine ecosystems (de Juan et al., 2007) . The analysis of data collected in areas subjected to variable effort matched our predictions on the response of benthic communities to trawling activities (Stage 4): higher densities of sessile and emergent suspension feeders in the less trawled areas, compared to higher densities of small, burrowing, deposit feeders in the heavily trawled sites (de Juan and Demestre, 2012) . Also, environmental modifications were observed in the most heavily trawled sites, with a homogenised muddy bottom and increased near-bottom turbidity (Palanques et al., 2001) .
Benthic community responses are influenced by environmental context and, in the NW Mediterranean, responses proved to be tightly linked with habitat type. The survey of thirteen additional sites having different sediment composition and variable trawling disturbance levels (back to Stage 2) allowed the comparison of benthic community responses to trawling within habitat types (de Juan et al., 2013) . Response patterns depended on the sampled community (Stage 4): a heavily trawled rhodolith bed harboured significantly higher densities of vulnerable fauna and higher species richness than less trawled muddy bottoms. However, when comparisons were restricted to similar habitat types, observations on the benthic community response patterns confirmed expectations, i.e. less vulnerable fauna and lower richness linked with increasing effort, even in rhodolith beds (de Juan et al., 2013) . These results were not totally unexpected as rhodolith beds are known to harbour high species diversity (Barbera et al., 2012) and this implies a different baseline from which to assess benthic community changes due to trawling activities. In this case, data interpretation based on experts' knowledge allowed to arrange the trawled sites in a degree of deviance from EI.
Stage 5: studies conducted in this area have established a solid baseline for the use of Biological Traits of benthic communities as an "easily interpreted" indicator of the ecosystem status in trawling grounds that could rate an area within a poor-good status framework following MFSD approaches (e.g., de Juan and Demestre, 2012). Based on this approach, Muntadas et al. (2017) introduced a knowledge-based platform as a proposal for a decision support tool for fisheries' stakeholders, and also to raise societal consciousness on the state of ecosystems in trawling grounds. Additionally, observed responses to trawling activities have been related with alterations in the provision of services by benthic communities, particularly of their role in providing habitat (feeding and reproduction grounds) for commercial species (Muntadas et al., 2015; 2014) . The challenge now is to effectively inform society on the impacts these activities will have in their long-term well-being.
Mahurangi harbour in New Zealand North Island
Stage 1: Terrestrial sediment entering estuaries at rates above natural levels due to changes in land use have been identified as a major stressor on estuaries and harbours (Ellis et al., 2000; GESAMP, 1994; Gray, 1977) . In the early 1990s Mahurangi catchment was identified as an area with a high potential for change in land use.
Stage 2: No ecological data was available for the harbour.
Stage 3: There was a long history of ecological research suggesting that sediment type was a major driver of the structure and function of benthic macrofaunal communities (Gray, 1977; Snelgrove and Butman, 1995) , although at this stage there were few cause and effect studies relating species occurring in the estuary to particular sediment characteristics. The harbour had extensive intertidal sand and mud flats, very little of which was vegetated, and deep high-flow tidal channels which supported extensive beds of the suspension-feeding bivalve Atrina zelandica. The dense beds of Atrina were observed to support sponges, other epifauna, small fish and infauna (Cummings et al., 1998) . A monitoring programme was developed (Cummings et al., 1995) that focussed on a selection of intertidal and subtidal macrofaunal species likely to have differing sensitivities to different types of stressors (sedimentation, suspended sediment and nutrients). Abundances of these species were monitored at 5 intertidal and three subtidal sites arrayed along a gradient of mud content and observed turbidity. At the subtidal sites, growth and condition of Atrina were also monitored. Monitoring was conducted twice per year at the subtidal sites and quarterly at the intertidal sites. Annually, all species (not just the selected species) were identified and enumerated. During this time period a number of experimental additions of terrestrial sediments to intertidal sand and mud flats were conducted Hewitt et al., 2003; Norkko et al., 2002; Thrush et al., 2003) .
Stage 4: After 5 years, trends in abundance of each species and changes in community structure and composition at each site, as well as trends in the growth rate and condition of Atrina were statistically assessed on a bi-annual basis.
Stage 5: Data was summarised as the number of species that were predicted to be sensitive to sedimentation and suspended sediment that showed trends in the predicted direction and reported to the management agency. In 2003 an ecologically significant decline in the condition of certain biota was reported . An ecological assessment concluded that there were (i) estuary-wide declines in the abundance of some sedimentation-intolerant taxa, and (ii) general increases in the abundance of other groups, and that (iii) these changes are consistent with a model of large scale increases in sedimentation and benthic resuspension across the estuary. A Mahurangi Estuary Management Plan was established in 2004.
Over the years there have been iterations between Stages 2 -5 as more information has become available on the effects of terrestrial sediment on estuarine ecosystems. Habitat fragmentation and homogenisation has been identified as the large beds of Atrina became smaller patches and finally disappeared (Halliday and Cummings, 2011) . Beta diversity at a number of scales has been estimated (de Juan and Hewitt, 2013) , and factors affecting recovery (and resilience) have been investigated experimentally (Lohrer et al., 2006; Thrush et al., 2008a) . Estimates of health associated with mud content and metal contaminants have been developed using multivariate models (Hewitt et al., 2005) and a summary measure of functional health based on redundancy of biological traits has also been developed (Rodil et al., 2013 ). An important management step was taken in 2008, when managers and industry stakeholders from the surrounding catchment took part in the development of a Bayes net model to identify issues and likely solutions (Hume et al., 2009 ). Routine reporting has expanded to include changes in sediment characteristics and three summary health measures, as well as numbers of trends likely to be a result of changing sediment inputs and report cards are issued yearly. However, to date none of the measures have been integrated into a single measure of EI. More weight is given to observed trends in key species, total number of species changes and the health indices, than changes in minor species and sediment characteristics (Halliday and Cummings, 2011) .
Conclusion
In order to ensure a long-term sustainable development, societies need to be informed of the "health" or "environmental status" of ecosystems. In this context, EI is particularly useful as it is a holistic concept that integrates the perception of nature by societies and the functionality of ecosystems. By adopting this concept, we propose a framework to operationalise EI in real-world scenarios to inform decision makers and society at large on the state, or state change, of ecosystems. We illustrate our proposed approach with a DPSIR framework, by distinguishing two forms of the framework: a reactive and a pro-active DPSIR, that vary with regards to the existence of pressures or to suspects on the risks of pressures. Our bottom-up approach is initiated with scientists in the field either observing "something is wrong" or "there is a risk of disturbance", that would trigger a process that aims to monitor potential changes in the system from a biological perspective. The objective of the process is an ecologist interpretation of a system's state structured in five principal stages. After the stage 1, when in situ observations suggest changes might/could be happening, stage 2 consists on exploring the available data that could represent the EI concept. Then, stage 3, aims to take advantage of the experts' knowledge to identify the minimum set of variables needed to define EI, or the risk of losing EI, in the area of interest; importantly, this process (stages 2-3) should follow an adaptive framework nourishing form continuous knowledge generation. Depending on data availability, the framework could move forward to a stage 4, where deviance from EI, or risk of deviance, is identified though statistical techniques adapted to multivariate data frames. Finally, a crucial stage 5 targets the communication of findings to society through a two-way communication channel, aiming to achieve a common understanding of scientific findings. The lack of systems thinking could reduce practical credibility of the approach to scientific community, as well for society. However, the five steps' structure also targets the understanding of dynamic feedbacks in complex systems (Nguyen and Bosch, 2012) . The first level of our approach detects the symptoms of the problem and subsequently focus on the collection of available data that could lead to the second level of the system, identifying patterns of change in time or space. The complexity of ecosystem components' interactions is in the essence of the EI concept, relying on the resilience and self-organizing capacity of the system, which is assessed in experts' workshops that should nourish from a feedback structure within scientists and with society (Fig.2) . Importantly, the approach effectiveness was tested in a diverse set of scenarios that illustrated the reactive and pro-active socio-ecological frameworks, and provided positive outcomes encouraging a more generalised adoption of the approach. Future challenges to operationalise this approach mainly rely on identifying how society is expected to use this information once the state or state change of the system has been communicated and linked with potential loss of social well-being. We acknowledge our proposal is the baseline for a broader and more complicated adaptive management process, as it is essential that there is a clear link between the reporting of EI of an area and society actions (e.g. stopping an activity, demanding more Marine Spatial Planning, improving land management, restoration, etc.), therefore, the link between change and reported metric(s) is critical. If the EI indicator could be decomposed in variables linked to specific stressors, the monitoring of integrity could be focused on a set of indicators in specific times, when the probability of a stressor, or set of stressors, is higher. This property would help to understand the implications of change in any index, so it could be linked to changes in EI in a transparent way. Additionally, and considering that there is a time-lag between the assessment of ecosystem status and the management activities, we stress the importance of dealing with a set of indicators that forewarn society, allowing time to demand for actions and reduce stress sources to avoid thresholds of change (being this of particular importance on a pro-active case study). Overall, the assessment of the integrity of socio-ecological systems at regional scales should both inform societies and support informed decision making while acting as a consolidated early warning system.
